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Abstract

The presence of methyl mercury (MeHg) in freshwater aquatic systems is a concern to public health due
to its bioaccumulative properties in aquatic food webs and neurotoxicity in humans. Transformation of
inorganic mercury to MeHg is primarily driven by sulfate and iron reducing bacteria (SRB and FeRB) in
anoxic sediment and water columns. The first objective of this research is to examine the production of
MeHg in a sulfate-impacted freshwater estuary in the context of mercury-related geochemical
parameters including organic carbon content and lability, sulfate concentrations, and bioavailability of
inorganic mercury to methylating microbes. The second objective is to determine the significance of
MeHg transport from sediment to the St. Louis River Estuary relative to upstream sources.

A laboratory sulfate addition experiment was performed using 20 cm intact sediment cores obtained
from three characteristic sites in the St. Louis River Estuary. The intact cores from each site were
exposed to a high (50 mg/L), medium (15 mg/L), and low (5 mg/L) overlying water sulfate treatment for
an incubation period of six months. Over the six month laboratory study, MeHg/THg ratios in surface
sediment (0-4cm) appeared to be insensitive to overlying water sulfate concentrations in all sites.
However, at one site, MeHg/THg ratios in deeper sediment (4-10 cm) did appear to be related to
overlying water sulfate concentration. Methyl mercury was strongly correlated with total mercury in
sediment from all sites and all sulfate amendment conditions. Analysis of the bulk geochemical
differences among sites suggests that MeHg concentrations are related to the total mercury in sediment
and the quantity and type of organic carbon.

Laboratory flux measurements provided a means to compare MeHg loading from sediment relative to
MeHg loading from the upstream St. Louis River. The estimated MeHg loading from habitat zones
represented by the three sites included in this study (45% of total estuary area) exceeds that of
upstream sources during median and low flow conditions. These MeHg loading estimates suggest that
MeHg transport from sediment could influence overlying water MeHg concentrations in the St. Louis
River Estuary.



1. Introduction

Sulfate is elevated in many areas of the St. Louis River Watershed due to historic and ongoing
mining operations. (Berndt and Bavin, 2009). Sulfate is of concern in the St. Louis River Watershed not
because of its direct toxicological effects but due to its influence on the bioaccumulative form of
mercury, methyl mercury (MeHg). Although dominant sources of inorganic mercury vary depending on
the aquatic system of interest, it has been widely accepted that atmospheric deposition is a large source
of mercury to most aquatic systems (Fitzgerald et al. 1998). In addition to atmospheric sources, the St.
Louis River Estuary has been heavily impacted by industrial processes, resulting in localized, high
mercury levels (Crane, 2006). The mercury form of greatest interest is MeHg, due to its ability to
bioaccumulate in fish tissue and cause neurological damage to humans (Ratcliffe et al. 1996). In the St.
Louis River Estuary, there is currently consumption advisory due to elevated fish tissue mercury
concentrations (WI DNR. 2011)

The transformation of inorganic mercury to methyl mercury is biologically mediated by sulfate
reducing bacteria (SRB) (Compaeu and Bartha, 1985), and requires organic matter, sulfate, inorganic
mercury, and anoxic conditions. In fluvial systems, sulfate reduction occurs almost exclusively in
sediment, since the overlying water does not favor anoxia (Hammerschmidt et al. 2004°; Mitchell et al.,
2008a). In low-sulfate freshwater aquatic systems, it has been demonstrated that increasing sulfate
concentrations increases the production of MeHg (Gilmour et al. 1992; Jeremiason et al. 2006);
however, the biogeochemical processes controlling MeHg production by SRB are complex (Benoit et al.
2003) and involve many factors in addition to sulfate.

The specific area investigated in this study is the lower St. Louis River, a freshwater estuary
located at the western tip of Lake Superior which has sulfate concentrations higher than unimpacted
waters in the immediate region. In the Estuary, the river width increases considerably, water flow
slows, and some exchange of water with Lake Superior occurs in the lower reaches. Since sulfate water
concentrations (Berndt and Bavin, 2009) and methyl mercury in fish tissue (WIDnr, 2011) are elevated in
the St. Louis River estuary, this study seeks to understand (a) whether elevated sulfate levels are driving
methyl mercury production and transport in sediments, and (b) whether transport from sediments
represents a significant source of MeHg to the estuary water column. To help answer these questions,
laboratory experiments with controlled concentrations of sulfate in the overlying water were conducted
on sediments collected from several major habitat zones in the St. Louis River Estuary (St. Louis River
Alliance, 2002). Unlike other sediment sulfate addition studies using sediment slurries (Harmon et al.,
2007; Gilmour et al., 1992), or episodic additions to field sites (Jeremiason et al. 2006, Coleman Wasik et
al. 2012), this study utilized intact sediment microcosms exposed to a constant sulfate boundary
condition in the overlying water. The use of intact sediment cores maintains realistic in-situ diagenetic
redox zones and relies on diffusional transport to move sulfate into sediments, thus providing conditions
analogous to those encountered in a freshwater estuary sediment environment.



2. Background

Sediment Diagenesis

In aquatic sediments, the consumption of oxidized compounds acting as electron acceptors occurs
in a sequential pattern at increasing depth in the sediment (Froelich et al., 1979). Due to differences in
Gibbs free energy associated with each reaction, the characteristic order of electron acceptor
consumption in sediment is oxygen (0,), nitrate (NO5), manganese (Mn™*"), ferric iron (Fe*), and sulfate
(S0,%) (Stumm and Morgan, 1996). The reduction of electron acceptors in sediment is primarily driven
by heterotrophic bacteria which utilize organic carbon as an electron donor during metabolism
(Jorgensen, 1982).

The primary driver of sediment diagenesis in freshwater and marine sediments is organic carbon
flux into sediment (Meyers and Ishiwatari, 1993). In sediment systems that are organic rich, accelerated
rates of microbial activity tend to compress microbial communities upwards, near the sediment water
interface. Conversely, in organic poor aquatic systems, redox zones are stretched out, allowing the
penetration of oxidized electron acceptors deeper into sediments (Katsev et al. 2006). In addition to
concentration of organic carbon, the recalcitrance of the available organic carbon pool can limit or
accelerate microbial processes (Meyers and Ishiwatari, 1993). The type of organic carbon transported to
the sediment can be placed in two general categories, autocthonous and allocthounous carbon (Wetzel,
2002). Autochthonous carbon, which is typically considered the more labile of the two types of carbon,
is produced at or near the site of consumption. Organic carbon produced outside the system of interest
is considered allocthonous organic carbon (Wetzel, 2002). Since organic carbon in fluvial systems can be
degraded during transport by microbial and macrobiotic processes, allocthonous carbon (produced
elsewhere) tends to be more refractory (Vannote et al. 1980). Both the magnitude and type of organic
carbon play major roles in controlling the rates of sediment diagenesis.

In addition to microbially driven reactions in the sediment column, abiotic reactions influence
porewater and solid phase geochemistry. Abiotic processes that have an important role in sediment
geochemistry are secondary redox, complexation, and precipitation/dissolution reactions. Secondary
redox reactions involve many byproducts of microbial reduction reactions and oxidized species (Fossing
et al., 2004). Certain electron acceptors are immobile while in their oxidized form (ferric iron and
manganese(lV)), but are mobilized (ferrous iron, manganese (l1)) once reduced by microbial
communities (Brown et al. 2000). These reduced chemicals can diffuse into more oxidized zones and
react with electron acceptors (Fossing et al., 2004). In addition to secondary redox reactions,
complexation reactions have the ability to limit or enhance the reactivity or mobility of dissolved species
and some complexation reactions produce a solid phase precipitate (sulfide-iron(ll) precipitation to solid
phase FeS). This collective sequence of reactions, including biologically mediated electron acceptor
reduction and reactions among byproducts of microbial metabolism, is termed diagenesis.

Methyl mercury Production and Demethylation

The transformation of inorganic mercury to methyl mercury has been shown to be a biologically
mediated process (Compaeu and Bartha, 1985; Gilmour et al., 1992; Kerin et al., 2006; Fleming et al.,



2006). Sulfate reducing bacteria are widely considered the primary methylators of mercury in aquatic
sediment (Gilmour et al. 1992; Jeremiason et al. 2006), while iron reducing bacteria have demonstrated
the ability to methylate mercury in pure cultures (Fleming et al., 2006; Kerin et al., 2006). For sulfate
reduction to occur, anoxic sediment conditions must be present. Otherwise aerobic bacteria out
compete SRB.

In environmental systems, MeHg is also demethylated through biotic and abiotic processes. The
balance between coincident methylation and demethylation processes results in a steady state MeHg
concentration in sediment (Drott et al. 2008). Microbial MeHg degredation is thought to be the most
important demethylation process in sediment (Benoit et al. 2003), and abiotic demethylation pathways,
including photodegredation and oxidative demethylation, contribute to a lesser extent in sediment
(Sellers et al. 1996; DiPasquale et al. 2000). It has been observed that %MeHg in the solid phase is a
good measure of net MeHg production in sediment systems while instantaneous measurements of
MeHg production rates, (k.,) measured through spikes of enriched stable isotopes, is much better short
term indicator (Drott et al. 2008).

Sulfate limitation

A number of studies have investigated sulfate limitations in fluvial sediment and wetland systems
by testing whether sulfate addition alone can stimulate mercury methylation (Braunfireun et al. 1999;
Gilmour et al. 1992; Jeremiason et al. 2006; Harmon, 2004). Since SRB are the primary methylators of
mercury in many environmental systems, sulfate addition to an anoxic systems starved for sulfate often
increases SRB activity, thereby enhancing methyl mercury production (Benoit et al., 2003). A number of
proxies and measures for increased SRB activity can be used to assess the magnitude of SRB response to
sulfate additions including sulfate reduction rate (SRR), microbial community characterization, sulfide
concentrations, CO,/CH,4 production, and AVS (King et al. 1999; King et al. 2000; Benoit et al. 2003).

A number of sediment sulfate addition experiments have been conducted in homogenized
sediment amended with sulfate (sediment slurries) or pure cultures of particular SRB (Harmon et al.
2004; Gilmour et al. 1992; King et al. 2000). These studies have been useful in determining some of the
biological mechanisms behind MeHg production in sediment but do not replicate intact diagenetic redox
zones encountered in many field conditions. There have also been studies examining field scale sulfate
additions to a wetland system which demonstrated significant MeHg response to episodic sulfate
additions (Jeremiason et al. 2006, Coleman-Wasik et al. 2012). While performed under field conditions,
the sulfate loading in these studies is not representative of constant increased loading of sulfate to
sediment from the water column.

Although production of MeHg is limited by sulfate in many freshwater systems, a complex set of
factors influences the production of MeHg (Harmon et al. 2007). Factors such as labile organic carbon
availability, porewater inorganic mercury bioavailability, and competition among microbial communities
can alter biogeochemical dynamics, creating situations in which an alternate set of limiting factors may
arise (Hammerschmidt and Fitzgerald 2004a; Drott et al. 2007; Todorova et al. 2009; ). A conceptual
model more complex than simple sulfate driven MeHg production is required to adequately explain



mercury dynamics in sediment.
Mercury Porewater Bioavailability

Of all mercury present in aquatic sediments, typically less than 0.1% is present in sediment pore
fluids, while the remainder is bound to the solid phase (Fitzgerald et al. 2007). The small amount of
mercury present in the pore fluid is important, however, since it is the mobile fraction and able to
participate in chemical and biological reactions. Porewater speciation of inorganic mercury is thought to
have a large influence on the ability of a given system to produce MeHg efficiently (Benoit et al. 2003).
Observations of systems with elevated dissolved sulfide concentrations and muted MeHg production
provided early evidence of sulfide’s influence on MeHg production (Gilmour et al. 1998; Benoit et al.
2001). Geochemical equilibrium modeling suggests that high sulfide concentrations can lower the
concentration of uncharged mercury-sulfide complexes (primarily HgS®), which may diffuse passively
across the membranes of SRB (Benoit et al. 1999°). The mercury-sulfide neutral-complex model is well
supported (Gilmour et al. 1998; Benoit et al. 1999°%; Benoit et al. 1999°; Benoit et al. 2001; Benoit et al.
2003), but the values of equilibrium constants used for the model are not well known (Skyllberg, 2008;
Drott et al. 2007), especially in relation to equilibrium constants for organic matter thiol groups, another
important ligand for inorganic mercury (Skyllberg et al. 2006). Low molecular weight organic
compounds are capable of complexing mercury and may be transported into methylating bacteria via
active transport (Golding et al. 2002). SRB culture studies (Graham et al. 2012; Schaefer et al. 2011,
Schaefer and Morel 2009) and DOM modeling (Skyllberg, 2008) have demonstrated that DOM can
significantly increase the bioavailability of inorganic mercury and production of MeHg in some systems.
Iron sulfide complexes may also have a role in limiting the bioavailability of porewater inorganic mercury
(Skyllberg, 2008, Skyllberg and Drott 2010). Experimental additions of pyrite have demonstrated iron
sulfide solids have the ability to remove inorganic mercury from solution (Bower et al. 2008) and inhibit
MeHg production (Liu et al. 2009).

Organic Carbon Limitation

Organic carbon is the basic metabolite for all chemoheterotrophic bacteria and is used as an
electron donor (Froelich et al. 1979). Low quantities of labile organic carbon can limit the production of
MeHg in sediments if a sulfate limitation has not been imposed on a system (Mitchell et al. 2008°). The
addition of labile organic carbon to a system that is known not to have a sulfate limitation can yield high
mercury methylation (Mitchell et al. 2008°%). Carbon to nitrogen ratios can be used to determine the
overall origins (autochthonous or aullocthonous) of the organic carbon in a system and infer the
capacity to drive microbial metabolism (Kim et al. 2011). .

Solid phase organic carbon also binds mercury strongly and can inhibit the production of MeHg in
sediments by lowering inorganic mercury in pore waters. In many systems, organic carbon is inversely
correlated with porewater mercury, the fraction of the inorganic pool which is mobile and potentially
available to methylating microbial populations (Hammerschmidt and Fitzgerald 2004a). Understanding
the recalcitrance of the total carbon pool can assist with interpreting carbon’s role in driving microbial
activity and carbon’s role in binding inorganic mercury (Kim et al. 2011).



Transport from sediments
Many studies have sought to quantify the transport of inorganic and methyl mercury from

sediments to the overlying water. Some have made direct measurements (in situ: Gill et al. 1999,
Benoit et al. 2009; or lab incubations: Covelli et al. 2008, Hammerschmidt et al. 2008a) and some have
used estimates of sediment diffusion based on observed porewater concentrations (Hammerschmidt et
al. 2008b). In general, estimates of flux from diffusion calculations have been lower than total flux
measured in-situ or in lab measurements; however in some cases experimental measurements of total
fluxes are smaller than diffusion estimates from porewater concentrations (Gill et al. 19997, Choe et al.
2005). Total MeHg fluxes vary widely (from -100ng/m2/day to +2000ng/m2/day) and have been shown
to vary seasonally (Corvalli et al. 1999) and even diurnally (Gil et al. 1999a) owing to factors including
bioturbation (Benoit et al. 2009), redox boundary layers (Covelli et al. 1999), and dominant speciation
(Jonsson et al. 2010). Recently, it has been suggested that sulfide may outcompete organic ligands for
methyl mercury at high sulfide concentration and low pH (Jonsson et al. 2010). Although the
complexation constants that predicts the predominance of methyl mercury bisulfide (CH;sHgHS®) at high
sulfide concentrations were not measured directly (Dyressen and Wedborg 1991), the species would
exist as an uncharged molecule and have a substantially higher potential for transport with faster
aqueous diffusion and potential for partitioning into dissolved gasses (Berndt and Bavin, 2011; Gray and
Hines, 2009).

3. Experimental Design and Methods

Site Selection

The St. Louis River Alliance has outlined habitat zones which delineate and categorize zones of
similar aquatic habitat type (St. Louis River Alliance, 2002). Representative sites for collecting sediment
for the laboratory study were selected by choosing locations that (a) are within habitat zones that cover
a large portion of the estuary, (b) are not influenced by regular dredging operations in the working
harbor, and (c) have a range of organic carbon quantity and quality. Sites were chosen from the Lower
Estuary Flats (LEF, 21% of estuary area), Upper Estuary Flats (UEF, 16% of estuary area), and Sheltered
Bays (SB, 8% of estuary area). The three sites selected were in habitat zones that covered a total of 45%
of the St. Louis River Estuary. Other habitat zones did cover a larger portion of the estuary but they
were either highly influenced by industry or were located in the portion of the estuary that is regularly
dredged, both factor that present a challenge to representative sampling. The LEF and SB habitat zones
had prior information about bulk geochemical conditions, which demonstrated that there was a range of
solid phase organic carbon (<2% to ~6% TOC, respectively, Johnson and Beck (2011)).

Study Design and Field Methods
Sediment cores were collected from a small boat during August, 2011 using a custom designed

sediment corer consisting of a 20 cm inner diameter polycarbonate tube. The sediment corer (Figure 3)
was driven into the sediment using a drive rod operated by staff on the sampling boat. Once the core
tube had penetrated 20-30 cm into the sediment, two ball valves were shut (ball valves remained open
while core tube is driven into sediment) to create a hermetic seal that would preserve the sediment



water interface within the core tube once the core was removed from sediment. As the core was
removed from the sediment, the bottom was capped immediately by a diver with an o-ring fitted
polyethylene disk.

All twelve sediment cores were transported back to the laboratory where dissolved oxygen and
pH were measured in the water overlying the sediment. Subsequently, two holes were drilled into the
polycarbonate tubing 10 cm above the sediment water interface directly across from one another and
fitted with 1/4” hose barbs. Within 4 hours of collecting cores, oxygenated water from each respective
sample site was flowing over the sediment cores at 100 mL min™ to ensure the water near the sediment
water interface would not become anoxic. Microcosms were then allowed to equilibrate at the
incubation temperature (20 °C) for one week before any lab analysis was performed.

After a one week period, initial conditions for the sulfate addition experiment were measured in
each microcosm using replicate voltammetric electrodes for redox-active species (Mn**, Fe**, total
dissolved $*, and O,) sediment porewaters and triplicate sub-cores to obtain samples solid phase and
other porewater chemicals. The same methods were used to analyze the final conditions of the
microcosms after the 6 month microcosm incubation. In an effort to reduce variability among cores,
biota (zebra mussels and worms) were actively removed from the laboratory microcosms.

Once initial conditions for each microcosm were characterized, carboys containing water from
each field site were disconnected from the peristaltic pump and connected to a reservoir of natural
water amended with sodium sulfate. Each habitat zone had three different overlying water sulfate
treatments applied for a period of 6 months. All treatments used water from the Cloquet River, since it
has similar dissolved organic carbon concentrations to the main stem of the St. Louis River (10-20mg/L
DOC) and low sulfate concentrations ( 2.5-5 mg L™) (Berndt and Bavin, 2009). The three overlying water
treatments applied to each habitat zone contained high (50 mg L"), medium (15 mg L"), and low (5 mg L'
') sulfate concentrations which simulated environmentally relevant sulfate concentrations in the St.
Louis River Estuary (Figure 2). The medium (control) concentration was picked by estimating the sulfate
concentration at the median discharge near the beginning of the St. Louis River Estuary in Cloquet, MN
where a USGS continuous stream gauging station is located (Scanlon, #0402400). The median discharge
at the gauging station for August (1,290 ft> s™') was then compared to discharges and sulfate
concentrations measured by Berndt and Bavin (2009) to determine an average sulfate concentration
that would be used for the medium (control) treatment (15 mg L™). The low treatment (5 mg L™ sulfate)
was chosen based on observations in local, unimpacted tributaries, such as the Cloquet River (Berndt
and Bavin 2009). Chloride was also added to the overlying water as a tracer (at concentrations 10-20x
higher than in-situ observations) to ensure that diffusional transport was effectively delivering chemicals
from the overlying water to sediment over the timescale of the experiment.

The reservoir of high sulfate water was used to recirculate water over the LEF high sulfate
treatment, the UEF high sulfate treatment, and the SB high sulfate treatment. Similarly, medium and
low sulfate reservoirs were recirculated over the respective microcosms from each habitat zone.
Weekly monitoring of sulfate concentration in reservoirs ensured sulfate remained at initial
concentrations. Fresh Cloquet water was obtained every two months during the experiment.
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Laboratory Experimental Methods

In order to make destructive measures of solid phase and porewater chemicals, sub-cores were
collected from experimental microcosms in triplicate using one inch inner diameter polycarbonate tube.
Before the 1 inch polycarbonate tubing was inserted, a 1 3/16 inch butyl tube was inserted into the
sediment to prevent surrounding sediment from falling into the void created after removing a sub-core.
Following extraction, sub-cores were immediately extruded using a 7/8 inch polyethylene rod wrapped
with electrical tape to ensure a secure fit inside the sub-coring tube. Sediment was sectioned into 0-4
c¢m, 4-10 cm, and 10-20 cm intervals and placed directly into VWR trace metal clean glass jars. Each
sediment sample jar was immediately filled with nitrogen to ensure that sediment redox conditions
were not altered significantly. Within 15 minutes of sub coring sediment, samples were placed in a Coy
glove box with an oxygen free atmosphere (97.5% nitrogen and 2.5 % hydrogen) where samples were
homogenized and subsampled for solid phase and porewater analysis. All solid-phase samples that
were not analyzed within 12 h of sub-coring were placed in a -20° C freezer until analysis.

To preserve the integrity of the experimental microcosm during initial sub-coring, the voids left
from the extracted sub-cores were filled with sediment from a sacrificial sub-core taken from a fourth,
sacrificial microcosm from each site. To ensure that sediment added to the experimental microcosms
from the sacrificial microcosm was not substantially different relative to the experimental objectives,
the sacrificial microcosm was also analyzed to determine its solid phase and porewater chemistry. To
determine the variability within each habitat zone, triplicate one inch sub-cores were analyzed
separately for one microcosm from each habitat zone. In the other two microcosms that did not have
triplicate sub-cores analyzed separately, triplicate sub-cores were composited at each respective depth
(0-4, 4-10, and 10- 20 cm).

Sediment THg and MeHg partitioning coefficients (Kp [L/kg]) are defined as the ratio of total solid
phase mercury [ng/kg] to porewater mercury [ng/L] (passing 0.45um filter) and were determined for
each habitat zone at the close of the experiments. A 2.5” polycarbonate sub-core was removed from
each microcosm and the top 10cm extruded into a 1 gallon Ziploc sample bag, transferred into an
anaerobic glove box, and homogonized. Each homogenized sediment sample was transferred into 50
mL polypropylene centrifuge tubes (multiple required per microcosm), centrifuged at 10,000 rcf for 30
min, and filtered through a 0.45um polyethersulfone filter (VWR, Supor). Water samples were filtered
into clean PETG bottles and acidified (0.5%) using ACS trace metal grade hydrochloric acid. A small
aliquot of homogenized sediment was also removed prior to centrifugation and placed in a VWR trace
metal clean scintillation vial for solid phase analysis.

Flux experiments were conducted at the end of incubations to determine the magnitude of
mercury flux out of sediment from each habitat zone. To conduct these experiments, fresh water from
the Cloquet River was obtained in 50 L carboys. To remove any previous overlying water, five volumes
of new water were allowed to flow over each microcosm to ensure fresh Cloquet River water was
present on top of each microcosm. After fresh water was supplied to the overlying water of each
microcosm, pumping was stopped, and water remained on top of sediment for 36-48 hours under well-
mixed conditions created by a slow bubble of air. Overlying water was collected at the beginning and
end of flux experiments using acid cleaned polypropylene syringes and immediately filtered using
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disposable 0.45 um polyethersulfone filters directly into PETG trace metal clean bottles. Flux
experiment water samples were acidified with 0.5% trace metal hydrochloric acid.

Analytical Methods
Porewater

Porewater sulfide, the sum of H,S and HS™ (denoted 55*), ferrous iron (Fe**), and manganese
(Mn*) were measured with mercury gold amalgam voltammetric electrodes using methods similar to
Brendel and Luther (1995). A Cloquet River water matrix was used to calibrate electrodes for Mn**and
Fe®* at pH 4.5 with 0.6 mM and 1.2 mM acetic acid buffer, respectively. Sulfide calibrations were
conducted in a 1.2 mM HEPES buffer (pH 8.6) in a Cloquet River water matrix. A two point oxygen
calibration was performed in Cloquet River water assuming zero oxygen after nitrogen purging and
equilibrium oxygen concentrations with atmospheric conditions after air bubbling. All anoxic calibration
(Mn*, 02, Fe**, and S%) solutions were degassed by purging the solution with nitrogen gas at 80 cm>min
! for 20 minutes and maintaining nitrogen headspace during analysis. Square wave voltammetric scans
were used for 57, Mn**, and Fe”*, and consisted of a potential range of -0.1 to -2.1 volts (V) vs
silver/silver chloride (Ag/AgCl) reference electrode, 15 mV step height, 200 mV s-1, and 2.25 mV step
increment. In the presence of £5° a -0.8 V conditioning step was applied before the acquisition scan,
while in the presence of Mn2+ and Fe2+ a -0.2 V conditioning step was applied for 10-30 seconds to
remove any iron, manganese, or sulfur deposited during scans. Oxygen was determined with linear
sweep voltammetric scans with a range of -0.1 to -1.8 mV and 200 mV s-1 scan rate.

Porewater samples for other analytes (sulfate and DOC) were obtained by placing an aliquot of
sediment from a sub-core section into a 50 mL centrifuge tube under an N, atmosphere and centrifuging
at 10,000 rpm for 30 minutes. Samples were then filtered through 0.45 um polyethersulfone filters
directly into acid cleaned 15 mL polypropylene centrifuge tubes and stored short-term in an N,
atmosphere to avoid oxidation. A 5-10 mL aliquot of filtered porewater was acidified to pH 4.5 using 0.1
N nitric acid to convert all dissolved sulfide species (H,S , HS’, and $%) to H,S, and prevent sulfide
oxidation to sulfate. Acidified samples were purged of dissolved gas by bubbling with oxygen free
nitrogen gas. Sulfate and chloride samples were analyzed by ion chromatography on a Dionex ICS-1100
IC system (lonPac AS22 4x250mm column) connected to an AS-DV Autosampler. Samples for dissolved
organic carbon (DOC) were acidified to pH 2 to remove any dissolved inorganic carbon (DIC) and
analyzed in a Shimadzu TOCysy high temperature carbon analyzer with a sparging time of 3.5 min.

Solid Phase Analysis

All solid phase sediment that was analyzed on a wet basis (AVS and Ferrous Iron) was normalized
by a dry/wet weight ratio. A quantitative mass of sediment was weighed in an aluminum weight dish
and heated to 105 °C for 24 hours to dry completely. Once dried, it was weighed again to obtain the dry
weight and percent solid content of each sample. Each sediment section was analyzed separately for
percent solid content to ensure that all solid phase samples were normalized correctly.

Acid Volatile Solids (AVS) was measured in the sediment solid phase using the Brower diffusion
method (Brower and Murphy, 1994) and quantified with an lon Selective Electrode (Eaton et al. 2005).
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Solid Phase ferrous iron was extracted using an oxalate extraction outlined in Phillips and Lovley (1987).
Total sulfur (TS) and total carbon (TC) sediment samples were dried for 48 hours in a 60°C oven to
remove any moisture and quantified with thermal conductivity in a CHN analyzer. SRB abundance was
characterized by quantitative real time polymerase chain reaction (qPCR) using a Mo Bio Powersaoil
extraction kit. Methods for analysis and quantification of the sediment extraction results are outlined in
Schippers et al. (2006) as modified by Hicks and Oster (2012).

Methyl mercury and total mercury sediment aliquots were removed from the original sample
container before all other analytes and placed in VWR trace metal cleaned glass scintillation vials in an
oxygen free atmosphere. An acid-cleaned Teflon spatula was used to transfer sediment for mercury
analysis. Samples were placed in a freezer (-20° C) within 30 minutes of sub-sampling sediment core
sections. Before analysis, sediment was freeze dried at the lab in which it was analyzed. Total- and
methyl- mercury analysis was performed by the University of Toronto using isotope dilution ICP-MS and
analytical methods are outlined in detail in Mitchell and Gilmour (2008°), Hintelmann and Evans (1997),
Hintelmann and Ogrinc (2003), and Horvat et al. (1993).

4. Results and Discussion

Geochemical setting
Differences in sediment carbon content and quality are illustrated in Figures 4a and 4b for each

of the LEF, UEF, and SB habitat zones. Abundant carbon is capable of driving fast rates of diagenetic
activity if the carbon is present in a labile form (Kim et al. 2011). The SB had more abundant solid phase
TC concentrations (4-6% TC) relative to LEF and UEF (2-4% TC) (Figure 4a). In the SB and UEF sites, TC
decreases with depth suggesting a continuous supply of depositional carbon that is consumed during
burial. Dissolved organic carbon concentrations in sediment pore water did not differ among habitat
zones and were relatively consistent with depth in the SB (24.5+0.5 mg/L DOC), LEF (22.8+4.5 mg/L
DOC), and UEF (26.2+5.9 mg/L DOC) sediment.

C/N ratio can be used as a proxy for the recalcitrance and source of organic carbon in sediment.
In the water column, freshly produced particulate organic carbon (POC) exhibits C/N values of 6-11 (Kim
et al. 2011). In the SB habitat zone, C/N ratios (12.8-15.0) were slightly higher than values characteristic
of freshly produced organic matter. The observation that C/N ratios (indicating carbon recalcitrance)
increase with depth in SB and UEF sediment suggests that labile carbon is degraded in surficial sediment
during burial. C/N ratios demonstrate that organic carbon in the LEF sediment is more recalcitrant than
that in the SB and UEF sediment which may lead to lower microbial activity. Since the carbon that is
delivered to the LEF sediment appears to be recalcitrant, the consequent slower microbial utilization of
this carbon would explain the lack of a significant increase in C/N ratio with depth.

Despite areas of localized mercury contamination in the estuary, total mercury in the sites
sampled is not highly contaminated (>500 ng/g THg) (Benoit et al. 2003) but is higher than many sites
impacted only by atmospheric deposition (Fitzgerald et al. 1998). The study sites have significant
differences in total mercury (THg) concentrations with the more organic rich SB sediment containing the

13



highest concentrations (260+102 ng/g). The LEF and UEF have lower THg concentrations of 112.3+49.9
ng/g and 70.7+26.5 ng/g, respectively. Solid phase total mercury was the most variable in cores
collected from the LEF habitat zone and exhibited a significant decreasing trend with depth and
variability amongst cores. Sediment solid phase THg concentrations agree with the first year bulk
geochemical analysis of THg in the LEF and SB sites (Johnson and Beck, 2011).

Experimental Results and Discussion
Sulfate and Chloride

At the beginning of incubations, sulfate penetrated to a sediment depth of 5-10 cm in all
treatments, indicating that sulfate reduction is occurring in this zone in all habitat zones (Figure 5 a-c).
After the 6 month incubation, sulfate penetration into the sediment was greater in the high sulfate
treatments (20-30 mg/L at 2cm depth; 1-4 mg/L at 7 cm depth) relative to the medium treatment (5-10
mg/L at 2 cm depth; <0.1 mg/L at 7 cm depth) and low treatment (0.1-3.8 mg/L at 2 cm depth and <0.1
mg/L at 7 cm depth). To ensure that there was a diffusive flux into the sediment, chloride was added to
the overlying water as a conservative tracer at a concentration of 200mg/L. The initial (uniformly (9.6 +
1.1 mg/L)) and final (150-200mg/L) porewater chloride profiles indicate that diffusion effectively
transported chloride from the overlying water to 20cm depth in experimental microcosms over the 6
month experiment. Chloride and sulfate observations (Figure 5) demonstrate that sulfate reducing
bacteria in surface sediment were exposed to varying amount of sulfate which was a main objective of
the experiment design. However, the resolution of sulfate measurements makes it difficult to ascertain
the depth at which sulfate reduction began in sediment.

Porewater Redox Conditions

Initial and final porewater profiles for redox-active dissolved chemicals are shown in Figures 6
and 7. For Figures 6-7, the rows of figure panels correspond to different habitat zones (a-c LEF; d-f UEF;
g-i SB). Columns of figure panels correspond to different sulfate amendments (a,d,g low; b, e, h
medium; ¢, f, i high). Initial porewater measurements of 3S%, Fe*, and Mn?*, illustrate a clear
geochemical difference between the sediment from flats habtat zones (LEF / UEF), and the SB habitat
zone. Porewater in LEF and UEF habitat zones have high Mn** (200-350 uM) with no detectible Fe** or
$S% (Figure 6a-f) and are similar for all sediment microcosms. A sediment profile consisting of Mn?* with
no detectable Fe™ or S*, suggest the LEF and UEF habitat zones have less labile or lower concentration
of organic carbon (effectively stretching redox boundaries to deeper depths) or a limited supply of Fe*'
and sulfate. In SB sediments (Figure 6 g-i), porewater Fe’* concentrations were high in porewaters (200-
400 uM) (Figure 6g-i), with small amounts of detectible £5% (1-5 uM). The SB habitat zones are
backwater sites, which leads to hydrologic conditions similar to lakes and the potential for anoxia in the
water column. An oxygen-depleted hypolimnon could lead to Mn*" transport to the overlying water (in
the absence of oxygen) allowing iron and sulfate reduction to move into the surficial sediment. A higher
abundance of labile organic carbon in the SB habitat zone, in conjunction with periodic anoxic overlying
water could be responsible for a shift upward in iron and sulfate reduction relative to UEF and LEF sites
(Figure 6).
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The final porewater concentrations for redox-active chemicals in the LEF and UEF sediment did
not change relative to the initial conditions (Figure 7a-f). Porewater concentration for redox active
chemicals changed markedly in the SB habitat zones from the initial to final sampling (Figure 7g-i).
Porewater Mn** concentrations in SB sediment were below detection limit in the initial conditions while
it increased to 100-200 uM in the final conditions. This change in redox conditions was most likely
driven by a change in overlying water oxygen concentrations. The field conditions of the overlying water
may have been anoxic due to a thermal stratification and significant sediment oxygen demand. After
pumping water saturated with oxygen over the sediment for 6 months and altering the redox boundary
at the sediment water interface, the less thermodynamically favorable reduction reactions (iron and
sulfate reduction) appear to have been lowered in the sediment column (Figure 7g-i). Changing redox
conditions can change the locations and activity of microbial communities that mediate the production
of MeHg (Johnson et al. 2010).

Solid Phase Redox Conditions

Figures 8-11 contain initial and final solid-phase sediment concentrations of AVS, %TS,
Fe2+, and SRB abundance. In each of these figures, initial conditions are depicted with dotted
lines and final concentrations with solid lines. Columns of panels contain concentrations from
each habitat zone, while rows represent different sulfate amendment levels in the overlying
water. The AVS extraction method quantifies the least recalcitrant pool of solid phase iron sulfide
minerals (FeS), while not measuring pyrite (Fe,S), and can be considered the more recently formed or
loosely bound iron sulfide minerals (Brouwer and Murphy 1994). Initial conditions for AVS (Figure 8)
show that sediment from the SB habitat zone has the greatest abundance of solid phase AVS (Figure 8 b,
e,h) with a peak near the sediment water interface (SWI) (50+2.4 umol/g dw) and a decrease with depth
(to 8.0£2.4 umol/g dw). An opposite AVS profile is seen in the sediment from the LEF and UEF habitat
zones, where higher concentrations occur deepest in the sediment profile (Figures 8 a, d, g; c, f, i). The
increase of AVS with depth in sediment from UEF and LEF habitat zones, suggests slow accumulation of
loosely bound, reduced iron sulfides during burial.

For SB microcosms, the concentrations 6 months after amendments display a marked change in
AVS in surficial sediment which is consistent with porewater redox changes observed in voltammetric
electrode measurements (Figure 7) and decreases in total sulfur in the 0-4 cm interval (Figure 9, 30
umol/g ~0.1% S). The surficial sediment (0-4 cm) appears to have been exposed to less reducing
conditions leading to the oxidative dissolution of iron sulfide minerals, while deeper areas in the
sediment (>10cm) appeared not to be affected by this change to the upper boundary condition.
Sediment between 4-10cm had an increase in AVS relative to initial conditions in high and medium
sulfate amended microcosms. The oxidation of iron sulfide minerals may have created a situation in
which both internal loading of sulfate from the sediment and external loading of sulfate (diffusion from
overlying water) were significant. For LEF microcosms, little change was observed in AVS following the 6
month incubation, but slight decreases were observed at depth for low and medium sulfate treatments
below 4cm (Figure 8a, d, and g). AVS in sediment from the UEF habitat zone increased relative to the
initial conditions for all sulfate treatments between 4-10cm and for low and medium sulfate treatments
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between 10-20cm. Although one explanation for this increase is sulfate diffusion from the overlying
water, reduction and immobilization, a parallel increase in TS was not observed in UEF sediment (Figure
9) and would have been quantifiable (20umol/g ~0.06%). Additionally, estimates of sulfate diffusion
based on observed gradients are far less than necessary to account for the increase of AVS over 4-10cm.
It is possible, therefore that over the course of the experiment, recalcitrant iron sulfide minerals, such as
pyrite, were transformed into more labile reduced species that AVS is capable of measuring.

Measurements of total sulfur (TS), which quantifies all sediment sulfur, is presented Figure 9.
The SB sediment solid phase TS (Figure 9, panels b, e, h) follows a similar trend as AVS for the initial and
final experiment conditions (Figure 8). For sediment underlying a seasonally anoxic water column, this
similar behavior between TS and AVS might be expected in surficial sediment as recalcitrant solid phase
iron sulfides (resistant to AVS extraction) require permanent anoxic conditions to form. There was a
decrease relative to initial conditions in TS from 0-4 cm in the low and medium LEF sulfate treatments
but no change in the high LEF treatment. TS was not measured initially in the UEF high sulfate
treatment sediment. However, if assumed to be similar to initial TS content in medium and low sulfate
treatment sediment, an increase in TS was observed between 0-4 cm and 4-10 cm relative to initial
conditions (Figures 8c, f, and i).

Ferrous iron was measured in the solid phase and is depicted in Figure 10. Solid phase Fe**
increased between 4-10 cm in all SB treatments relative to initial conditions (Figure 10b, e, and h) likely
due to a redox change in the upper oxygen boundary, not a result of sulfate treatments. As discussed
previously, the release of iron sulfide minerals could produce ferrous iron that can be measured with the
extraction method used in this study. Porewater Fe** concentrations decreased from the initial
conditions (Figure 6 g-i), implying that there was not an increase in iron reduction in the SB sediment.
Little change was seen in solid phase Fe* for the top 10cm of LEF microcosms over the course of the
study, while increases were observed from 10-20 cm (Figure 10). The UEF high treatment sediment in
the 0-4cm interval displayed a marked decrease in solid phase ferrous iron, although it began with a
magnitude four times larger than any other sediment microcosm (Figure 10).

Sulfate Reducing Bacteria Microbial Abundance

The abundance of sulfate reducing bacteria (SRB) was measured in the solid phase and
is displayed in Figure 11. In the high-sulfate treatments for all habitat zones, the top 4 cm
displayed an increase in SRB abundance relative to initial conditions and data suggests that this
increase was statistically significant for SB and UEF microcosms (Figure 11 b and c). For the
medium sulfate treatments, SRB abundance in the 0-4cm interval increased relative to initial
conditions for LEF and UEF sediment, but remained similar in SB sediment. For low sulfate
treatments, a decrease in SRB abundance relative to initial conditions was observed at all
depths for SB sediment, but UEF and LEF showed little difference from initial conditions.

Mercury Experimental results
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Solid phase THg concentrations varied among habitat zones and even among cores
collected from the same habitat zone, (Figure 12, 13 and 14). Differences were most notable
for microcosms collected in the LEF habitat zone, but also were present in the initial UEF
medium (higher THg between 0-4 cm). Variability in total mercury necessitates normalization
of the MeHg data to total mercury concentration if treatments are to be compared to one
another in terms of methyl mercury production efficiency. In sediments that are not highly
contaminated with mercury (<500 ng/g), MeHg and THg are often strongly correlated (Figure
15). A strong correlation was observed in this study, suggesting that no sediment conditions
(among all habitat zones and overlying water sulfate amendments) were producing methyl
mercury much more efficiently than others. A unit commonly employed to determine a
sediment’s capacity to methylate mercury under its in-situ geochemical setting is %¥MeHg (Drott
et al. 2008). Since %MeHg is a measure of the sediment’s capacity to methylate mercury, it will
be used exclusively to compare limiting factors in the production of MeHg. Sediment profiles of
MeHg, %MeHg, and THg are displayed in Figure 12, 13 and 14 for the initial treatments and
treatments after 6 months. Error bars represent one standard deviation from the mean as
calculated by the analysis of triplicate sub-cores from each habitat zone at the beginning of
experiments. Panels a-c give concentration at the end of the experiment and panels d-f show
initial conditions.

In sediment from the LEF habitat zone, %MeHg in the 0-4cm interval appeared to be
unrelated to overlying water sulfate after the 6 month lab experiment (Figure 12b); however,
%MeHg in the 4-10cm interval was consistent with increased with increasing overlying water
sulfate. Although SRB abundance was not related to overlying water sulfate concentrations in
LEF sediment (Figure 11), the increased %MeHg in the 4-10cm interval is consistent with SRB-
driven methylation below the oxidized surface layer of sediment.

In sediment from the SB habitat zone % MeHg was not significantly different than the
initial conditions in the high, medium, or low sulfate treatments (p > 0.05) and did not differ
amongst sulfate treatments (Figure 13). The SB has the greatest abundance of AVS and SRB
suggesting that there is SRB mediated sulfate reduction producing MeHg in the sediment.
However, the oxidation of reduced sulfides in the top 10 cm as a result of experimental
manipulation likely caused internal loading of sulfate which could have lessened the influence
of overlying water sulfate. Although this was an artifact of the experimental design, it may
reflect conditions in the field if periodic anoxia exists in the bottom waters of SB environments.
There was a clear decrease in sulfate reducing bacteria in the surficial sediment of the SB low
sulfate treatment (Figure 11) which suggests that sulfate in the overlying water did influence
SRB. However, a coincident decrease in %MeHg was not observed, suggesting that other
factors such as the availability of inorganic mercury to methylating microbes may be limiting
methyl mercury production in sediment of the SB. The SB sediment did have the lowest
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porewater total mercury concentrations of any habitat zone despite the highest solid-phase
total mercury (Table 3).

In the initial and final experimental conditions, sediment from the UEF habitat zone had
higher %MeHg concentrations (Figure 12, 13, and 14) than sediment from other habitat zones
at all depth intervals. The low UEF sulfate treatment displayed a large increase in %MeHg in
the 0-4cm interval (Figure 15) relative to initial conditions, though geochemical trend analyses
indicate that this point may be an outlier when compared to the entire data set (Figures 17 and
18). There was a clear increase in SRB abundance in the high sulfate treatment at all depths
(Figure 11c) which was not coupled to an increase % MeHg (Figure 14b). A sediment system in
which methyl mercury does not depend on sulfate reduction can indicate that there is limited
inorganic mercury available for methylation or that iron reducing bacteria (FeRB) could be the
primary methylators of mercury (Mitchell and Gilmour, 2008°).

Microbial and Geochemical Controls on MeHg production

In the St. Louis River estuary, evidence suggests that there are different factors limiting
sediment MeHg production in each site. Organic carbon can influence the production in MeHg
via two separate mechanisms. A lack of labile organic carbon can limit the production of
methyl mercury by limiting the microbial activity of SRB in sediments (Lambertsson et al. 2006).
Organic carbon can also limit the bioavailability of inorganic mercury to SRB, thereby decreasing
mercury methylation (Hammerschmidt and Fitzgerald 2004°). Both carbon related MeHg
limiting process appear to be occurring in the St. Louis River Estuary sediment, depending on
the habitat zone. In the LEF habitat zone, organic carbon in the sediment is refractory (high C/N
ratio, Figure 4). Figure 18 depicts a significant (p < 0.05) negative correlation between total
carbon and %MeHg in the LEF system, similar to the trend observed by Hommerschmidt and
Fitzgerald (2004°%). Since the organic carbon supplied to the LEF habitat zone is refractory,
organic carbon at this site may bind inorganic mercury (thus limiting the supply of bioavailable
inorganic mercury) while not providing the energy to drive methylating microbial processes.
The net effect of carbon in LEF sediment, therefore would be a lower in production of MeHg.

The second organic carbon limiting mechanism is proposed for the SB and UEF habitat
zones. A significant relationship between organic carbon and %MeHg (p < 0.05) was observed
in the SB habitat zone (Figure 18) but was not significant (p >0.05) for the UEF sediment. Since
the organic carbon supplied in the UEF and SB habitat zones in not as recalcitrant, it may
function as a ligand for inorganic mercury but also drive microbial activity. Both UEF and SB
sediment had much lower porewater total mercury than LEF (2.3x and 6x smaller, respectively),
but consistently higher %MeHg. Despite having porewater total mercury concentrations 2-3x
lower than UEF, SB had similar %MeHg, possibly due to greater overall activity of sulfate
reduction driven by a larger quantity of carbon.

18



Many studies have cited a limitation of inorganic mercury available for methylation due
to high porewater sulfide concentrations (Benoit et al. 19997 Benoit, 2003; Gilmour et al.
1998). Additionally, transport of MeHg from sediments is believed to be accelerated in the
presence of dissolved sulfide (Berndt and Bavin, 2011; Jonsson et al. 2010). In the St. Louis
River estuary, sulfide concentrations were uniformly below the detection limit (1-5uM), which
is below the proposed threshold of sulfide limitations on MeHg production (<5-10 uM sulfide,
Benoit, 2003); however, it is possible that iron sulfides may be limiting the bioavailability of
inorganic mercury to SRB by binding it to the solid phase (Bower et al. 2008; Liu et al 2009).
The sulfide concentration at which inorganic- and methyl- mercury speciation shifts from
organic ligands to sulfide ligands is dependent upon the sulfur content of organic carbon
(Skyllberg 2008) which is not known for the St. Louis River Estuary. However, the low sulfide
conditions observed in the estuary would likely favor organic carbon as a ligand relative to
sulfidic environments encountered elsewhere in the St. Louis watershed (Berndt and Bavin,
2011).

Porewater Mercury Partitioning Coefficients and Flux Estimates

Porewater total- and methyl- mercury was measured in bulk sediment from the top
10cm in each of the microcosms at the close of the experiments (Tables 1 and 2). No
discernible trend was observed for porewater THg or MeHg among high, medium, and low
sulfate treatments, and values from each habitat zone are averaged for analysis. Porewater
total mercury concentrations appeared to be strongly related to the total organic carbon at the
three study sites, with SB having the lowest concentrations (4.5+1.8 ng/L), UEF having higher
porewater THg (12.315.4 ng/L), and LEF having the highest porewater THg concentrations
(26.3%£21.6 ng/L). Porewater methyl mercury was less variable, with all sites averaging between
0.32 and 0.46 ng/L. Sediment from the LEF habitat zone had the most variable solid-phase and
dissolved-phase total- and methyl- mercury concentrations.

Partitioning coefficients for THg and MeHg are presented in Tables 1 and 2 for each
habitat zone. For THg, the UEF and LEF have the lowest log Kp values of 3.9+0.1 and 3.910.2,
respectively, while the SB had the largest log Kp value of 4.70+0.2. The lower total mercury log Ky values
for LEF and UEF may be due to lower TC values relative to the SB sediment. TC and Kp tend to be
positively correlated since THg sorbs strongly to organic matter (Hammerschmidt and Fitzgerald
2004%).

MeHg partitioning coefficients are all fairly similar among habitat zones with the UEF
habitat zone having the lowest Kpvalue (3.240.5) relative to the SB (3.6+0.1) and LEF (3.4+0.5)
habitat zones. In addition to inorganic mercury, organic carbon also binds MeHg very strongly and may
be controlling the partitioning of MeHg to the solid phase (SB had highest K, for both THg and MeHg).
Sulfide concentrations remained low (<5uM) in all estuary sediment, potentially resulting in
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conditions that favor organic ligands over sulfide in MeHg speciation (Dryssen and Wedborg
1991).

THg flux measurements to the overlying water made at the close of lab experiments are
summarized in Table 2 for each habitat zone. The change in mass of mercury in the overlying
water over a 36-48 hour time period was normalized for surface area according to Equation 1.

AC -V,
At- A

Fluxyg = Equation 1

Where

- ACis the change in overlying water mercury concentration
- Vwis the volume of the overlying water

- Atis the time of the flux experiment, and

- Ais the surface area of the sediment microcosm.

Consistent with porewater measurements, no discernible trend was observed in flux
measurements among high, medium, and low sulfate treatments, so results were averaged for
each habitat zone. THg flux out of the St. Louis River Estuary habitat zones was between 15 and
38 ng/m2/d (Table 1), and is in agreement with estimated fluxes from other sediment systems
(Gill et al. 1999%). THg flux out of the sediment, similar to porewater concentrations, seems to
be influenced by organic carbon with SB and UEF having the lowest flux (15.5 and 18.5
ng/m2/day, respectively), and LEF having the highest flux (38 ng/m2/day). Since the LEF and
UEF habitat zones have similar Log(KD) values, larger solid phase THg concentrations appear to
be driving larger fluxes in the LEF habitat zone (Table 1).

MeHg flux was measured in the sediment microcosms, but differences between initial and final
MeHg were not adequate to calculate fluxes. In order to estimate MeHg fluxes, the net mass
transfer resistance (effective diffusion) observed in total mercury flux experiments was
employed. Flux across the sediment water interface can be given by:

ng Ll ng .
F{M} = kmt |:dfay:|(cpw - Coverlying{w} Equat|0n 2

Since THg flux, overlying water concentration, and porewater concentration are known for THg
experiments, an effective mass transfer coefficient (kmt) can be calculated for each THg flux
experiment. MeHg flux was estimated by assuming that mass transfer resistances for MeHg are
similar to that of THg. Mass transfer coefficients for the three sulfate treatments in each
habitat zone were then averaged and used in MeHg flux calculations according to Equation 2.
Calculated MeHg flux values for the LEF, UEF, and SB habitat zones are displayed in Table 3 and
are in agreement in magnitude with those estimated in the Long Island Sound (CT) system
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(Hammershmidt et al 2004b). The SB, having the largest kmt, has the largest MeHg flux value
(1.68 ng m-2 hr-1) while the UEF and LEF have lower values of 0.45 and 0.79 ng m-2 hr-1,
respectively.

Experiments utilizing sediment from each habitat zone was scaled to the total area of
the Habitat zone within the estuary. MeHg flux values and areas were used to calculate
sediment MeHg loading (ng hr-1) to the St. Louis River Estuary (Table 3). MeHg loading from
the upstream St. Louis River (Figure 3) was calculated using MeHg concentrations measured by
Berndt and Bavin (2009 and 2012) and discharges from USGS gauge stations located at the
Scanlon Dam at multiple time points (St. Louis River discharges were taken from the same day
MeHg water samples were obtained). The estimated MeHg loads from the UEF, LEF, and SB
habitat zones were 3.70, 8.31, and 6.05 mg hr-1, respectively. The incoming MeHg load at the
Scanlon Dam was calculated to be 7.22 mg hr-1 during low flow conditions and 336.4 during
high flow conditions (Table 4). Median flow conditions (around 28000 L s-1) carried a MeHg
load of 15.29 mg hr-1 from upstream sources. If summed, the total MeHg load from the three
habitat zones examined in this study (representing 45% of the total area in the St. Louis River
Estuary) exceeds that being delivered from upstream sources during both median and low flow
conditions. These numbers suggest that production and transport of MeHg from sediments
represents a significant portion of MeHg delivered to the St. Louis River (Table 4) during normal
and low flow conditions. During the spring, when streamflow is at its annual high, MeHg
contribution from sediment is a much smaller fraction relative to upstream MeHg loads.
Understanding the magnitude of MeHg flux from sediments in the estuary will help to inform
watershed managers whether active management to control MeHg production and flux from
estuary sediments is necessary.

5. Conclusions and Implications

Results from the sulfate addition experiments suggest that MeHg production in
sediment of the St. Louis River Estuary was largely controlled by carbon except in one case
when sulfate in the overlying water appeared to be important. Over the timescale of these
experiments (6 months), no habitat zones exhibited a significant change in sediment %MeHg in
the surficial sediment (0-4cm) as a result increased or decreased sulfate in the overlying water.
However, measurements in the LEF habitat zone showed that %MeHg in deeper sediments (4-
10cm) appeared to be related to sulfate in the overlying water (Figures 12-14).

Carbon controls on MeHg production in each habitat zone was related to the type and
guantity of carbon present. Inthe SB habitat zone, large quantities of organic carbon and iron
sulfides (represented by AVS) are likely limiting the amount of inorganic mercury available to
microbial communities for methylation. The UEF and SB had similarly low C/N ratios which
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could drive higher microbial activity (Figure 4); however lower total carbon in the UEF may be
the cause of higher porewater inorganic mercury (relative to the SB sediment) available for
methylation and transport (Table 1). Since the UEF is the only habitat zone which does not
display a positive significant correlation between %MeHg and SRB abundance (Figure 17), FeRB
may play an important role in the production of MeHg. It should be noted that the %MeHg in
the 0-4 cm depth of the UEF low sulfate treatment (Figure 14) appears to be an outlier (Figure
17 and Figure 18) and calls into question the significance of the higher %MeHg observed in
response to a decrease in overlying water sulfate.

The Sheltered Bay (SB) and Upper Estuary Flats (UEF) habitat zones initially were the
most efficient methylators of mercury, with %MeHg values (0.8-1.3 %MeHg) similar to those
found in other aquatic systems (Kim et al. 2011). The UEF site had the highest %6MeHg possibly
due to two factors: low log Kp (3.9 + 0.13) indicating significant porewater concentrations; and
low C/N ratio (15.9 +2.1 C/N) indicating availability of labile organic carbon. Both the UEF and
SB habitat zones, according to the data presented, may be limited in the mercury methylation
process by porewater bioavailable inorganic mercury, not sulfate. Although strong associations
with organic carbon may limit MeHg production in the high organic SB habitat zone, significant
flux was still observed as indicated by the high effective diffusion (mass transfer) coefficient
(Tables 1 and 3).

Another conclusion from the data presented is that decreasing sediment THg
concentrations could result in a decrease in MeHg production (Figure 16). It has been observed
in both the dataset presented here for the St. Louis Estuary and in the literature (Benoit et al.
2003) that MeHg concentrations are strongly related to THg concentrations in sediment that is
not highly contaminated by mercury (<500 ng/g). In all sites for this study, there was a
significant positive relationship between THg and MeHg. Although scientifically answering the
guestion of sulfate and carbon limitations to sediment MeHg production and transport could
help to evaluate management alternatives, decreasing atmospheric and terrestrial mercury
loading to the St. Louis River Estuary could lead to an decrease in sediment MeHg
concentrations.

MeHg and THg flux was estimated for each habitat zone to quantify the mass loadings
of mercury to the St. Louis River Estuary System. It was calculated that the three habitat zones
examined in this study (44.9% of the entire estuary area) could contribute a MeHg load of 18.1
mg hr-1 from sediment while the upstream contribution discharging into the estuary is 15.3 mg
hr-1 during median stream flow and 7.2 mg hr-1 during low flow conditions. Although the
residence time of the estuary is not well known to support a complete mass balance, these
calculations indicate that sediment contributions may play a significant role in defining MeHg
concentrations in the overlying water.
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This study answered multiple scientific and management questions related to the
production and transport of MeHg in the St. Louis River Estuary. The first question answered
was whether changing sulfate concentrations in the overlying water would influence MeHg
concentration in sediments in light of the various factors limiting MeHg production in each
habitat zone. From a management standpoint, results suggest that sediment loading
contributes a significant amount of inorganic and methyl mercury to the water column, relative
to upstream loading. This revelation implies that MeHg production and transport processes in
sediments should be accounted for when considering the total pool of MeHg in the St. Louis
River Estuary. Although further investigation of sediment-related mercury dynamics and
hydrodynamic mixing in the St. Louis River Estuary will be necessary to achieve a full mass
balance for MeHg, the results presented here have illuminated the role of sulfate on the
production and transport of MeHg in the St. Louis River Estuary sediment.
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Figure 2. Schematic of experimental design including treatment concentrations (a) and a

photo of the experimental setup within the temperature control chamber (b).
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Figure 3. Sediment Core tube attached to sediment corer and drive rod. Ball valves displayed in an
open position, which was used when driving core tube into sediment and closed 902 when core had
reached its desired depth.
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Figure 4. Total Carbon (TC) (a) and C/N ratio (b) sediment profiles.
Sediment profiles were averaged for each site since TC and C/N ratios
went unchanged during the experiment time period.
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sites including overlying water concentrations for high (purple crosses), low (pink diamonds),
medium (brown squares), and initial profiles (blue triangles).
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Figure 7. Final condition porewater redox profiles for the LEF (low (a), medium (b), high(c)),
UEF (low(d), medium(e), and high(f)), and SB (low (g), medium (h), and high(i)). FeS was not

added to this figure since there was no detectable FeS in any of the microcosms.
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Figure 8. Sediment AVS profiles of Initial (dotted lines) and final (solid lines) for LEF (a, d, and
g), SB (b, e, and h), and UEF (c, f, and i). High sulfate treatments (a-c) are displayed in purple
crosses, medium treatments (d-f) are displayed in red squares and low treatments (g-i) are
displayed in yellow diamonds.
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Figure 9. Sediment profiles of Initial (dotted lines) and final (solid lines) for LEF (a, d, and g),
SB (b, e, and h), and UEF (c, f, and i) % sulfur concentrations. High sulfate treatments (a-c)
are displayed in purple crosses, medium treatments (d-f) are displayed in red squares and
low treatments (g-i) are displayed in yellow triangles.
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Figure 10. Sediment ferrous iron concentration profiles of Initial (dotted lines) and final
(solid lines) for LEF (a, d, and g), SB (b, e, and h), and UEF (c, f, and i) experimental
conditions. High sulfate treatments (a-c) are displayed in purple crosses, medium

treatments (d-f) are displayed in red squares and low treatments (g-i) are displayed in

yellow triangles.
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Figure 11. Sediment SRB abundance profiles of Initial (dotted lines) and final (solid lines) for
LEF (a, d, and g), SB (b, e, and h), and UEF (c, f, and i). High sulfate treatments (a-c) are
displayed in purple crosses, medium treatments (d-f) are displayed in red squares and low

(g-i) are displayed in yellow triangles.
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Figure 12. LEF sediment solid phase MeHg (a and d), %MeHg (b and e), and THg (c and f) for
the LEF high (purple cross), medium (red square), and low (orange triangle) sulfate

treatments at experimental initial conditions (dotted lines; d-f) and final conditions (solid

lines; a-c). Error bars represent one standard deviation from the mean as calculated by the

analysis of triplicate sub-cores from each habitat zone at the beginning of experiments.
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Figure 13. SB sediment solid phase MeHg (a and d), %6MeHg (b and e), and THg (c and f) for
the LEF high (purple cross), medium (red square), and low (orange triangle) sulfate
treatments at experimental initial conditions (dotted lines; d-f) and final conditions (solid
lines; a-c). Error bars represent one standard deviation from the mean as calculated by the
analysis of triplicate sub-cores from each habitat zone at the beginning of experiments.
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Figure 14. UEF sediment solid phase MeHg (a and d), %MeHg (b and e), and THg (c and f) for
the LEF high (purple cross), medium (red square), and low (orange triangle) sulfate

treatments at experimental initial conditions (dotted lines; d-f) and final conditions (solid

lines; a-c). Error bars represent one standard deviation from the mean as calculated by the

analysis of triplicate sub-cores from each habitat zone at the beginning of experiments.
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Figure 15. Relationship between THg and MeHg for all habitat zones sampled. R*value is

labeled next to regression line. THg and MeHg were significantly correlated (p < 0.05) in the
St. Louis River Estuary.
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Figure 16. Relationship between % MeHg and SRB Abundance for LEF (blue), UEF (green), and
SB (red) habitat zones. R”values are labeled next to the regression line they represent.

45



%MeHg

1.8

1.6

1.4

1.2

=
o

0.4

0.2

0.0

A<« | UEFLow Treatment %MeHg Outlier

A R?=0.0254
A

Total Carbon (%)

Figure 17. Relationship between % MeHg and TC Abundance for LEF (blue), UEF (green),
and SB (red) habitat zones. R*and p values are labeled next to the regression line they

represent.
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Figure 18 pH in sediment microcosms. pH was measured within 6hr of collecting sediment for
final sampling, but 24hours later for initial sampling.
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Table 1. Kp values tabulated for THg in the top 10 cm of each habitat zone. Flux values were also determined for each

habitat zone for THg.

Habitat Porewater THg | Solid Phase THg THg Thg Flux
Zone (ng L) (ngg) log(Kb) (ngm-2d+)
UEF 12.27+5.37 89.18+23.37 3.88+0.13 18.50+5.98
SB 4.48+1.80 209.77+7.87 4.70+0.20 15.47+7.94
LEF 26.29+21.63 176.8+83.75 3.88+0.20 38.16%9.08

Table 2 Kp values tabulated for MeHg in the top 10 cm of each habitat zone. Flux values for MeHg were below detection

limits and not reported.

Habitat Porewater Solid Phase MeHg | MeHg
Zone MeHg (ng L-1) (ng g'1) Log(Kbp)
UEF 0.33+0.07 0.52+0.02 3.20+0.51
SB 0.32+0.04 1.42+0.18 3.65+0.18
LEF 0.46%0.55 0.76%0.36 3.42+0.45

Table 3 MeHg values calculated for mass transfer coeficients (K.,), Flux, and MeHg Load for each habitat zone.

Habitat Calculated | Overlying | Estimated Area MeHg Load | Inorganic
Zone Kt Water Flux (kmz2) (mg hr-1) Hg Load
(ng L) (ngm=d?) (mg hr)
UEF 1.86 [ 0.09+0.07 0.45 8.27 3.70 149.2
SB 6.12 | 0.05+0.04 1.68 3.59 6.05 49.49
LEF 234 | 0.12x0.14 0.79 10.53 8.31 393.6

Table 4 MeHg and THg concentration measured at the Scanlon Dam in Cloguet Dam taken from Berndt and Bavin

(2009), and Berndt and Bavin (2012). MeHg load calculated from USGS flow data obtained on the same day MeHg water
sample was taken.

Site Concentration | Concentration | Flow Rate | MeHg Load | Inorganic Hg
MeHg (ng L-1) | THg (ngL-1) (Ls1) (mg hr-1) Load (mg hr-1)

Scanlon 0.15 2.0 28317 15.29 188.6
Dam

Scanlon 0.3 6.4 311485 336.4 6840
Dam

Scanlon 0.187 3.22 193687 130.4 2115
Dam

Scanlon 0.09 2.5 22285 7.22 193.3
Dam
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